ABSTRACT: Extreme temperature events are predicted to become more frequent and intense as climate change continues, with important implications for ecosystems. Accordingly, there has been growing interest in what drives resilience to climatic disturbances. When a disturbance overwhelms the resistance of an ecosystem, it becomes vulnerable during recovery, with implications for ecosystem function and persistence. Understanding what influences ecosystem recovery is particularly important in seagrass ecosystems because of their functional roles, vulnerability, and divergent recovery strategies. Seagrass cover was monitored for 3 yr following a large, heatwaveassociated mortality event in Shark Bay, Australia. Although the ecosystem's historically dominant foundational seagrass, Amphibolis antarctica, is capable of rapid disturbance recovery, this did not occur, likely because of the failure of mechanisms which have driven rapid recovery in other systems (persistence of rhizome beds, sexual reproduction among neighboring beds). Instead, a tropical early successional seagrass, Halodule uninervis, became more common, increasing diversity. These changes in the structure of the Shark Bay seagrass ecosystem, and reduction of biomass and structural complexity, will have important implications for ecosystem services and community dynamics and indicates that this ecosystem is highly vulnerable to future disturbances. More generally, our work suggests that seagrass ecosystems typified by a mix of early and late successional species may be particularly likely to exhibit a mismatch between recovery of cover per se and recovery of function following disturbance. As such, extreme climatic events have the potential to abruptly alter seagrass community dynamics and ecosystem services.
INTRODUCTION
Although research into the ecological effects of climate change has largely focused on how organisms and ecosystems will respond to changes in average environmental conditions, there is increasing recognition of the ability of extreme climatic events -such as heat waves and droughts -to rapidly alter ecosystems. Climate change is predicted to alter aspects of extreme events, including the frequency and duration of heat waves, heavy precipitation events and droughts, strength of tropical ocean currents, and even the frequency of extremes in the El Niño− Southern Oscillation cycle (Wu et al. 2012 , Cai et al. 2014 , IPCC 2014 . Such events can induce species range shifts, species die-offs, or changes in community composition, phenology, or primary productivity (e.g. Honnay et al. 2002 , Ciais et al. 2005 , Inouye 2008 , van Mantgem et al. 2009 , Augs purger 2013 . This has implications for ecosystem functioning and in some cases can trigger regime shifts to persistent, fundamentally different ecosystem states (e.g. Bennett et al. 2015) . However, there is considerable uncertainty as to the conditions under which ecological disturbances trigger such shifts. In order to predict the occurrence of such shifts, it is first necessary to understand what influences resilience to disturbances.
Resilience is defined as the magnitude of disturbance an ecosystem can withstand without shifting into an alternate state (sensu Holling 1973) . For clarity, we define disturbances as 'discrete, extreme events that substantially alter properties of an ecosystem,' while we define stressors as 'continuous or near continuous forces that can change ecosystem properties or prevent recovery of those properties.' Resilience can be broken down into 2 mechanisms: resistance to disturbance and recovery from disturbance (i.e. return time) (Unsworth et al. 2015) . Resistance (sensu Carpenter et al. 2001 ) is the amount of external forcing required to change an ecosystem; ecosystems with higher resistance can withstand stronger forcing with no apparent change. When a disturbance occurs (i.e. resistance has been overcome and the ecosystem has changed), return time, defined as the time it takes for a system to recover from a disturbance (May 1973) , becomes the critical mechanism of resilience in a system. Ecosystems that recover rapidly from one disturbance exhibit high stability and are more quickly able to resist subsequent forcing (Plus et al. 2003) . It is therefore critical to understand not only how ecosystems respond to extreme events (resistance), but how they recover from them, particularly as climate disturbances become more frequent and the risk of exposure to sequential disturbances increases , IPCC 2014 .
Despite their importance as foundations of coastal ecosystems, seagrass habitats are declining at alarming rates, largely because of impacts from local stressors such as sedimentation and eutrophication (e.g. Short & Wyllie-Echeverria 1996 , Waycott et al. 2009 ). Yet, even remote seagrass ecosystems far removed from local human influence can be vulnerable to large disturbance events such as marine heat waves (e.g. Fraser et al. 2014 , Thomson et al. 2015 . Such large events, which often cannot be managed at local scales, illustrate the danger climate change and altered thermal regimes pose to marine ecosystems, something already well appreciated by coral reef ecologists (e.g. Glynn 1993 , Pandolfi 2015 . While the potential for extreme climate events to generate widespread ecosystem shifts is becoming more recognized, many gaps still remain in understanding how ecosystems will respond to and recover from such events (Jentsch et al. 2007 , Thomson et al. 2015) .
Return time of damaged seagrass beds can range from months to centuries (e.g. Walker & McComb 1992 , Plus et al. 2003 , Short et al. 2014 . Seagrass life history strategy, in part, heavily influences return time. Seagrass species possess a wide variety of life history traits and inhabit a continuum of successional capabilities, but can often be categorized as late or early successional species (sensu Bazzaz 1979) . Late successional seagrasses, such as those in the genera Amphibolis, Posidonia, Thalassia, and Zostera, tend to have relatively large and perennial canopies, often with large stores of carbohydrates in their buried rhizome tissue. These energy stores can confer increased resistance to disturbances by providing the capability to rapidly refoliate and regenerate shoots from surviving rhizomes if an extreme event overcomes their initial resistance (e.g. Peterson et al. 2002 , Fraser et al. 2014 . However, if this initial recovery strategy fails (because of, for example, insufficient rhizome biomass or rhizome death triggered by the disturbance), rapid (<10 yr) return of these seagrasses to pre die-off abundance seems to be heavily dependent on the presence of a seed bank , Plus et al. 2003 , Campbell & McKenzie 2004 or reproductive events from nearby beds (e.g. Larkum et al. 2006 , Tanner 2015 . This is because many larger, late successional seagrasses are characterized by excessively slow rhizome elongation rates (Walker et al. 2006) , limiting the ability of vegetative expansion to lead recovery, particularly when seagrass loss is widespread. Importantly, many late successional seagrasses lack a dormant seed bank, and some genera, like Amphibolis, are viviparous and lack seeds altogether (Larkum et al. 2006) . This further highlights how crucial regeneration from below-ground biomass and recruitment from nearby living beds are as mechanisms of rapid return time and resilience of late successional seagrasses.
Unlike late successional species, early successional (sensu Bazzaz 1979) seagrasses have adapted to disturbance through reliance on rapid disturbance recovery and expansion as opposed to resistance to disturbance itself (Unsworth et al. 2015) . These species, such as those in the genera Halophila and Halodule, generally have small energy stores in rhizome tissue, instead relying on fast rhizome elongation rates and dormant seed banks to rapidly recruit and expand after disturbances (Walker et al. 2006) . Early successional species also form relatively sparse and short beds, generally with much lower structural complex-ity and standing biomass than those composed of late successional seagrasses. The plant traits associated with early and late successional species not only influence the recovery trajectories of mixed seagrass beds, but the functions associated with these beds as they change. Because of this, it is im portant to understand how seagrass assemblages change throughout disturbance recovery so as to better understand not only resilience of the disturbed community, but also implications for ecosystem function.
In addition to life history, other factors like the extent of initial disturbance and local bio-physical and biological features can influence return times and seagrass community shifts throughout ecosystem recovery (i.e. recovery trajectories; Unsworth et al. 2015) . Furthermore, density-dependent Allee effects associated with sediment stabilization and pollen limitation can generate feedbacks in disturbed seagrass ecosystems that alter the biological or biophysical features of the ecosystem, further complicating recovery predictions or promoting the maintenance of a seagrass-depauperate state (e.g. Four qurean & Robblee 1999 , van der Heide et al. 2007 , Carr et al. 2010 , van Tussenbroek et al. 2016 ). Short return times of functionally critical species can minimize the impacts of such density-dependent feedbacks in seagrass ecosystems and thus maximize the possibility of seagrass functional persistence, with implications for the wider seagrass-associated community.
The purpose of this work was to assess the post-disturbance dynamics of the relatively pristine subtropical seagrass ecosystem of Shark Bay, Western Australia, following a widespread marine heat wave that occurred in 2011 and triggered subsequent catastrophic seagrass loss. Specifically, our goals were to assess changes in cover and occurrence of benthic macrophytes (seagrasses and benthic macroalgae) over a medium time scale (3 yr), to better understand the return times and future disturbance resilience for functionally important seagrass species, and to explore potential implications of the observed post-disturbance state on ecosystem function and seagrassassociated fauna.
MATERIALS AND METHODS

Study system
This study was performed in the eastern gulf of Shark Bay (25°45' S, 113°44' E), Western Australia. Shark Bay is a shallow (<15 m), 13 000 km 2 semienclosed subtropical embayment situated approximately 800 km north of Perth. The study area, immediately north of Monkey Mia, consists of a series of near-shore shallow (< 4 m) seagrass banks separated by deep (6−12 m) seagrass-depauperate channels (Heithaus 2001 ; Fig. 1 ). The bay historically contained over 4000 km 2 of seagrass ), making it among the largest remaining seagrass eco- . Of these, only 2 species form large, continuous beds: the temperate species Amphibolis antarctica and Posidonia australis. Shark Bay's seagrass assemblage has been historically dominated by A. antarctica, which accounted for approximately 85% of seagrass cover and often formed dense, monospecific stands of 90−100% cover , Burkholder et al. 2013a ; Fig. 1 , up to 2 m tall), this seagrass is a structurally complex ecosystem engineer (sensu Jones et al. 1994 ) that creates extensive benthic habitat, stabilizes sediment, and contributes significant primary production in this ecosystem (Walker 1985 .
As a subtropical seagrass ecosystem, Shark Bay marks the northern boundary for these temperate seagrasses . As a result, the seagrass ecosystem is at particular risk from both acute temperature extremes and chronic high temperature stress. One such acute event oc curred off the coast of Western Australia in the austral summer of 2011, when ocean temperatures rose 2 to 4°C above average for a 2 mo period ). This 'marine heat wave' was associated with almost record strength La Niña conditions and an unusually strong poleward flow of the Leeuwin current, resulting in increased delivery of tropical water down the coast of Western Australia and an extended thermal anomaly of 3.5°C in Shark Bay; typically, monthly temperature anomalies within the Leuuwin Current region are less than ±1.5°C during El Niño and La Niña years (Pearce & Feng 2013) . This re sulted in widespread changes in algae, fish, and coral communities throughout Western Australia , Pearce & Feng 2013 . Following this heat wave, A. antarctica in Shark Bay experienced widespread declines in cover that exceeded 90% in many areas (Fraser et al. 2014 , Thomson et al. 2015 Fig. 1c,d) . A heat wave of this magnitude has not been recorded previously or since in Western Australian waters (Pearce & Feng 2013) , and seagrass die-off of this magnitude has not been reported in Shark Bay before (e.g. Fig. 2b ). 
Sample collection and analysis
In 2007, 475 monitoring locations were established throughout Shark Bay as part of a larger benthic survey (see Burkholder et al. 2013a for details). A subset of these sites were revisited after the 2011 heat wave to assess associated seagrass die-offs (Thomson et al. 2015) and medium-term seagrass status and recovery (this study). Of the 475 original sites visited in 2007 to 2009, 63 were in a smaller, longer-term study area that had been established in 1997 . These sites were revisited 4 times between 2012 and 2014 to assess recovery and changes in the seagrass community. Sites occurred on 3 banks, which were blocked by microhabitat (deep channels generally 6 to 12 m depth, shallow bank interiors > 2.5 m depth, and bank edges 2.5−4.5 m depth, Heithaus & Dill 2006) . Site placement was randomized within each microhabitat for a total of 7 sites in each microhabitat of 3 banks/channels. The 21 sites in deep channel habitats remained seagrass-depauperate in all surveys and were thus excluded from analysis, leaving 42 sites analyzed. Depth of retained sites ranged from 0.6 to 7.3 m (mean = 2.8 m). At each site, a 60 × 60 cm quadrat was dropped from the research vessel, and percent cover of seagrass (to species) was visually estimated by a diver using either snorkel or SCUBA. The quadrat was then flipped end over end 3 times parallel to the heading of the boat, whereupon another quadrat measurement was taken; this process was repeated for a third quadrat and cover estimates were combined to calculate species richness and mean cover of each species at each site. To minimize observer bias, the majority of post die-off visits were performed by the same 2 individuals (the primary observers were R. J. Nowicki and J. A. Thomson) . Furthermore, before collecting data, observers were trained to consistently estimate cover until they arrived at similar estimates to the primary ob servers, thereby minimizing the impact of observer bias on our results.
Sites were visited 5 times in 2007 (March, May, July, October, December), 4 times in 2008 (April, May, July, November), and once in 2009 (January) for a total of 10 pre die-off visits. These 10 visits, 6 during the warm season (mid-August to mid-May) and 4 during the cold season (mid-May to midAugust), were pooled into a single 'pre die-off' value for each site. The first post-heatwave sampling event, occurring 18 mo after the heat wave in October 2012, was considered to mark the end of the die-off event.
Sites were visited 4 times after the die-off; October 2012 (warm), May 2013 (cold), October 2013 (warm), and August 2014 (cold). Following the die-off (with the exception of visit 2 in May 2013), benthic macroalgae were also quantified as a single functional group. Similarly, Posidonia coriacea was rarely encountered and was pooled with the more common P. australis, following previously established collection protocols (Burkholder et al. 2013a ). Data were only analyzed for A. antarctica, Halodule uninervis, and benthic macroalgae; other species were rarely en countered. For each species analyzed, percent occurrence (i.e. percent of sites where that species was present), mean cover when present (i.e. mean percent cover only including sites where that species was present), and mean cover overall (i.e. mean percent cover including all 42 sites) were recorded. When considered together, these 3 metrics provide insight into not only the magnitude, but also the way in which seagrass cover changes. For example, loss of overall cover due to bed thinning results in reductions of mean cover when present, but little or no change in occurrence; conversely, patchy seagrass loss is characterized by little change in mean cover when present, but substantial reductions in occurrence.
In addition to seagrass surveys, changes in the biophysical environment (water temperature, clarity, and salinity) were measured. Water temperature was collected daily at a long-term monitoring station situated in 4 m of water, 3 km NW of Monkey Mia (Fig. 1) , from September 1995 to September 2014. Daily estimates were converted to monthly averages (Fig. 2a) . Salinity was measured with a refractometer during visits to each seagrass sampling site within the study area. Water clarity was measured indirectly within the study area as bottom visibility when running transect surveys for airbreathing fauna were conducted for a related study. These transects were established in deep habitats (n = 6) or shallow seagrass banks (n = 5) in 1997. Ap proximately 4 times monthly, transects were run to quantify densities of air-breathing fauna; every time an animal was sighted, depth was recorded and bottom composition was observed from the surface (see Heithaus et al. 2012 for methodological details). Cover data were converted to a binomial variable (1 = bottom visible, 0 = bottom not visible) for analysis. Because transect surveys only occurred under calm conditions (Beaufort scale ≤ 3), wind conditions are unlikely to have driven the observed patterns of bottom visibility. Due to variability in the way null results were recorded prior to 2008, only data from 2008 to 2014 were included for visibility analysis. Transects run between November and January were also excluded because of generally low sampling effort during these months, and transects run during 2011 were excluded to allow for clear separation of time periods.
Statistical analyses
All statistical analyses were performed in R v.3.2 (R Core Team 2015). Diversity for each visit was calculated using the probability of interspecific encounter (i.e. 1 − the Simpson diversity index, Hurlbert 1971) . Because individual seagrass genets could not be differentiated and because seagrasses are often highly clonal, the presence of a species at a site was interpreted as the presence of a single individual. A 1-way repeated measures ANOVA was applied on species richness data to assess changes in richness be tween 2012 and 2014.
One-way repeated-measures ANOVAs on ranktransformed data were performed on mean cover data of A. antarctica, H. uninervis and benthic macro algae for all 42 sites for each of the 4 post die-off visits (3 for algae). All ANOVAs were run using the 'lme' function in the nlme package (Pinheiro et al. 2016) . Additionally, generalized linear mixed models (GLMMs) were used to detect changes in the probability of encountering A. antarctica, H. uninervis, and macroalgae in the study area from 2012 to 2014. These models were run as logistic regressions on binomially transformed data using the 'glmmPQL' function in the MASS package (Venables & Ripley 2002) . Since the extent of tropical H. uninervis can vary seasonally, the H. uninervis model included season (warm, cool) and visit number (1−4) as discrete fixed effects, while visit number was the only fixed effect in the A. antarctica and macroalgae models. Sampling site was included as a random effect to account for repeated visits.
Water clarity analysis
Bottom visibility (a proxy for water clarity) was converted to a binomial variable (1 = bottom visible from surface, 0 = not visible) and modeled using a logistic regression with the glmmPQL function. Because deep transects were too deep to regularly see the bottom in either time period (see 'Results: Biophysical factors'), only data from shallow transects were included in the model. Fixed effects in the visibility model were depth, time period, and their interaction; transect identity was included as a random effect in the model to account for repeated visits to each transect. A significant (p ≤ 0.05) interaction of depth and time period on visibility of substrate was interpreted as a change in water clarity since the seagrass die-off.
RESULTS
Average seagrass richness after the die-off did not change over time (F 1,125 = 1.98, p = 0.16), though there was a trend of increasing species diversity (Table 1 ). In total, 7 seagrass species were encountered in surveys of shallow and edge sites from 2012 to 2014 (Table 2) . Amphibolis antarctica was the only seagrass commonly encountered after the die-off, but at much reduced cover than previously (Table 2 , Fig. 3a) ; indeed, while occurrence decreased from 83% pre die-off to ~60% post die-off, declines in cover were largely driven by dramatic thinning of remaining seagrasses, as evidenced by large reductions in 'cover when present' ( (Fig. 4b,c) , followed by breakup of beds and transition to bare sand in many habitats by 2014 (Figs. 1d & 4d) .
The only seagrass species that showed significant evidence of expansion after the die-off was Halodule uninervis. The logistic regression model indicated an increased probability of encountering H. uninervis with time (t 124 = 6.94, p < 0.0001), an effect that did not change seasonally (t 124 = 0.28, p = 0.78, Fig. 3b ). H. uninervis occurrence increased from 2% of visits (Table 2) .
Macroalgae cover
Though macroalgae cover was not quantified using the described methods before 2012, several lines of evidence indicate it was at most a minor contributor to submerged aquatic vegetation (SAV) cover in the past. Firstly, A. antarctica dominates cover surveys from 2007 to 2009 (Fig. 3a) , leaving little room for substantial coverage by other SAV. Secondly, analysis of A. antarctica habitats by animal-borne video cameras attached to green turtles before the heat wave (1999−2003) indicate that benthic macroalgae were historically a very minor cover component in the study system, becoming common only after the seagrass die-off (Thomson et al. 2015) . Finally, benthic macroalgae were rarely encountered by divers as a substantial component of SAV in the study area prior to the heat wave (D. A. Burkholder and J. A. Thomson pers. obs). Following the seagrass die-off, macroalgae were common but very sparse at sampling sites, as evidenced by high levels of occurrence but relatively low cover when present (Table 2 , Fig. 3c ). Mean overall cover of benthic macroalgae declined over time (F 1, 83 = 26.7, p < 0.0001), as did the probability of encountering it at a given site (t 83 = 2.00, p = 0.048, Table 2 , Fig. 3c ). Amphibolis antarctica 83 64 62 55 89.5 ± 1.2 4.8 ± 0.9 6.3 ± 1.0 3.8 ± 0.9 75.5 ± 1.9 3.1 ± 0.7 3.9 ± 0.7 2.1 ± 0.6 Posidonia sp. 10 7 7 5 39.5 ± 5.6 5.2 ± 4.9 12.6 ± 7.20 8.4 ± 3.4 3.3 ± 0.7 0.4 ± 0.4 0.9 ± 0.6 0.4 ± 0.3 Halodule uninervis 12 2 12 29 3.1 ± 0.5 1 7.7 ± 5.6 8.5 ± 2.6 0.3 ± 0.1 < 0.1 0.9 ± 0.7 2.4 ± 0.9 Halophila ovalis 2 2 2 0 2.5 ± 0.8 1 1.2 ± 0.5 na < 0.1 < 0.1 < 0.1 0 Halophila spinulosa 2 0 0 2 24.3 ± 8.8 na na 0.3 0.6 ± 0.3 0 0 < 0.1 Cymodocea angustata 7 10 7 5 8.3 ± 1.3 4.2 ± 2.2 5.7 ± 1.9 2.3 ± 1 0.6 ± 0.1 0.4 ± 0.3 0.3 ± 0.2 0.1 ± 0.1 Benthic macroalgae na 71 48 62 -14.1 ± 2.7 10.4 ± 3.2 2.9 ± 0.9 -10.0 ± 2.1 5.2 ± 1.8 1.7 ± 0.6 Table 2 . Percent occurrence (percent of visits where that species was present), mean cover when present (i.e. mean percent cover only including sites where that species was present), and mean cover overall (i.e. mean percent cover including all 42 sites of seagrass and macroalgae). Values are presented with standard error when applicable. Data include bank and bank edge sites only (n = 42 sites); data from the 2 visits in 2013 are pooled. na: not applicable; -: no data collected Table 2 . Note different scale of y-axes in different graphs. Error bars = SE; ns = no significant change; *significant change at p < 0.05 level
Biophysical factors
Water temperatures for February, the warmest month of the year, averaged 26.6°C over the time series, while water temperatures for July, the coldest month, averaged 17.5°C. Monthly averages derived from the time series indicate that the extreme heat wave of 2011, in which surface water temperature averaged 29.8°C in the month of February, has not been repeated (Fig. 2a) . In only 2 other years were average February water temperatures within even 2°C of the February 2011 average: 1999 and 2014 (28.3°C and 28.0°C, respectively), illustrating the abnormal magnitude of the heat wave within the study system. Surface water salinity increased significantly from 38.1 ppt (SD = 3.7, n = 418) pre die-off to 40.3 ppt post die-off (SD = 1.9, n = 143, t 472.59 = 8.85, p < 0.0001), largely driven by relatively high salinity measurements during the 6 d sampling period in August 2014 sampling (mean = 42.1 ppt, s = 0.7). Water clarity, as measured by the likelihood of sighting bottom at a given depth, decreased significantly after the seagrass die-off as evidenced by 3750 benthic spot surveys. The probability of being able to see bottom on shallow transects was significantly influenced by the interaction of depth and time period (t 3738 = 2.41, p = 0.016, Table 3 ). The percentage of spot surveys on shallow transects in which bottom was observable declined from 97.6% pre die-off (1463 of 1499 surveys) to 68.4% post die-off (1540 of 2251 visits), while chances of sighting bottom in deep habitats remained very low in both time periods (2.0 and 1.3%, Table 4 ). On average, the depth at which there is a 50% probability of seeing the bottom was reduced from 6.45 m pre die-off to 3.15 m post die-off (Fig. 5) . In addition to chronic reductions in water clarity following the seagrass die-off, a widespread and intense phytoplankton bloom was observed in both gulfs of Shark Bay from February to April 2014, potentially facilitated by sustained high February water temperatures of 28°C (2.3°C above the February average and the second warmest February after 2011 in at least 20 yr, Fig. 2a ) and the putative release of nutrients from abundant de caying seagrass tissue (D. Holley pers. comm.). Though not quantified, the bloom had acute but sustained impacts on water quality and clarity; specifically, substantial increase in light attenuation for several weeks (e.g. Fig. 4b vs. 4d, D . Holley pers. comm.), as well as a uniform coating of flocculent matter on the benthos (Fig. 4e) .
DISCUSSION
Our results indicate that, over a medium time scale (~3 yr) following an extreme climate event, significant recovery of the previously dominant temperate seagrass Amphibolis antarctica has not occurred in Shark Bay. Similarly, although macroalgae can ex hibit rapid growth rates and outcompete seagrasses (McGlathery 2001) , benthic macroalgae cover de clined significantly between 2012 and 2014, indicating that a shift from seagrass to macroalgae dominance is unlikely in the study system. Instead, despite an initial decline likely resulting from smothering by dead A. antarctica (Thomson et al. 2015) , the tropical early successional seagrass Halodule uninervis has expanded following the marine heat wave. This is generally consistent with the life history characteristics of H. uninervis, which has rapid rates of rhizome expansion and a dormant seed bank, something which A. antarctica lacks (Larkum et al. 2006 , Orth et al. 2007 ). Indeed, patterns of H. uninervis expansion described here follow patterns seen in other mixed-Halodule spp. systems subject to disturbance, such as H. uninervis in Malaysia (Short et al. 2014) and H. wrightii in seagrass beds in Florida Bay usually dominated by Thalassia testudinum or Syrin godium filiforme (Robblee et al. 1991 , Four qurean & Robblee 1999 , Peterson et al. 2002 . The lack of recovery of the late successional A. antarctica reflects the post-disturbance behavior of some, but not all, seagrass ecosystems dominated by late successional species (see below). A significant and sustained reduction in water clarity in the years following the seagrass die-off is consistent with a loss of sediment stabilization, an ecosystem function characteristic of intact seagrass beds (Carr et al. 2010 , van der Heide et al. 2011 1999) . Such changes to the biophysical environment, along with seagrass species features (e.g. life history characteristics) and biological features (e.g. connectivity, community trophic structure; Unsworth et al. 2015) have the potential to restrict or inhibit a return to an A. antarctica-dominated ecosystem and impact the resilience of this system. The observed shift in the seagrass community has both biophysical and ecological implications.
Rapid recovery of Amphibolis spp. in other systems
Although the traits common in late successional seagrasses generally do not favor rapid vegetative expansion or robust reproductive resilience to widespread seagrass loss, rapid recovery of Amphibolis spp. is possible if either of the resilience mechanisms mentioned previously (regeneration from rhizomes or recruitment from nearby beds) is successful. For example, A. antarctica near the Wooramel delta in Shark Bay (east of this study site) began to refoliate 2 yr after the die-off through use of below-ground energy stores (Fraser et al. 2014 , Thomson et al. 2015 . On Success Bank, Western Australia, the congener A. griffithi is recorded as expanding rapidly (17.6 ha yr −1 ), partially because of reproduction and gap infilling from nearby beds (Walker et al. 2006) . Similarly, in South Australia, a restoration project which provided anchoring points in close proximity (< 80 m) to mature A. antarctica beds resulted in the establishment of new beds with similar structural characteristics to mature beds within 3 yr (Tanner 2015) . Importantly, until below-ground biomass stocks are replenished, merely measuring aboveground biomass of recovering beds may overestimate ecological resilience to future disturbance because the below-ground biomass responsible for resilience is reduced, either because it was spent on rapid recovery or because new recruits have not yet established substantial below-ground stores.
Potential mechanisms of rapid recovery
Although the resilience strategies of A. antarctica allow for rapid recovery of above-ground biomass in some cases (e.g. Walker et al. 2006 , Fraser et al. 2014 , no such recovery occurred in this study. The capability of A. antarctica meadows to recover through rhizome regeneration as observed on the Wooramel delta (Fraser et al. 2014 ) is limited here. This is because the widespread observed death of A. antarcticas's rhizome layer in this study (Fig. 4b,c ; see also Thomson et al. 2015) has resulted in large areas of bare sand with no below-ground biomass from which to regenerate. The loss of rhizomes also likely reduced suitable substratum for macroalgae, potentially explaining the continued decline in macroalgae cover. Unlike Success Bank, the magnitude of the initial die-off destroyed or damaged entire seagrass banks (Figs. 1d & 2b) , increasing the distance between surviving shoots and potentially inhibiting reproductive capacity through mechanisms such as pollen limitation (e.g. van Tussenbroek et al. 2016 ). Although formal surveying of A. antarctica propagules, seedlings, and reproductive structures was outside scope of this work, signs of sexual reproduction were not apparent during work in these beds between 2012 and 2015 (R. J. Nowicki pers. obs). Importantly, unlike other biophysical feedback loops (i.e. turbidity) which may become less severe if environmental conditions improve, reproductive Allee affects will remain unless plant density itself is restored (van Tussenbroek et al. 2016) . Such densitydependence may strengthen continued divergence in post-disturbance cover of A. antarctica and H. uninervis, as the seed bank of the latter allows for the establishment of widespread new beds, facilitating future reproductive success.
Because the resilience mechanisms that would allow for rapid recovery of A. antarctica are unlikely at our study site, vegetative expansion from remaining shoots may now be the most likely mechanism of recovery. Like many late successional seagrasses, A. antarctica has slow rhizome elongation rates (20 cm yr −1 ), i.e. one-fifth that of H. uninervis (Marbà & Duarte 1998) , meaning the return time of A. antarctica will be considerable. This not only increases the vulnerability of A. antarctica to future extreme climate events but also means that bio-physical and biological features of the environment (sensu Unsworth et al. 2015) are more likely to play critical roles in determining whether a meaningful recovery of A. antarctica will occur in this system at all.
Biophysical factors influencing recovery
In addition to seagrass traits, bio-physical features of the environment (sensu Unsworth et al. 2015) may be particularly critical to mediating the recovery trajectory of seagrasses in Shark Bay. While common anthropogenic alterations to bio-physical features, such as eutrophication, are largely absent in Shark Bay, density-dependent biophysical processes, plankton blooms, and future climate extremes may all be important to shaping recovery trajectories for this system. Seagrasses have high light requirements (Walker & McComb 1992 , Dennison et al. 1993 and are well known for their density-dependent capability to trap sediment and increase water clarity. These processes generate positive feedbacks that facilitate seagrass expansion at high seagrass densities, but as seagrass is lost, turbidity increases and light limitation can inhibit the recovery of damaged beds (van der Heide et al. 2007 , Carr et al. 2010 . In Shark Bay, areas with reduced water clarity appeared to suffer greater declines in response to the initial disturbance (Fraser et al. 2014 , Thomson et al. 2015 , and water clarity in the study system was significantly reduced in the years following the seagrass die-off (Tables 3 & 4 , Fig. 5 ), suggesting that water clarity reductions may be a strong inhibitor to seagrass recovery in this system. In addition to resulting in a loss of sediment stabilization potential, seagrass losses can also result in nutrient export to the water column, triggering phytoplankton blooms that further reduce water clarity. For example, plankton blooms resulting from an extreme climate event and subsequent seagrass die-off in Florida Bay impacted the local light environment for close to a decade following the initial event, and may have contributed to subsequent seagrass die-offs (Robblee et al. 1991 , Fourqurean & Robblee 1999 . The significant reduction in water clarity following the seagrass dieoff and observed widespread phytoplankton bloom in Shark Bay (despite minimal nutrient runoff) demonstrates the importance of bio-physical features of postdisturbance seagrass ecosystems, even when local anthropogenic impacts to water clarity are minimal.
Salinity of surface waters increased significantly by approximately 2.2 ppt between 2007−2009 and 2012− 2014 . The drivers of this salinity change are unclear. Shark Bay is only subject to sporadic riverine input, so a reduction in freshwater flow cannot account for the increased salinity. However, this increase in salinity is unlikely to be ecologically significant, as salinity can vary more than twice this amount within the study system in a 24 h period (R. J. Nowicki unpubl. data). Furthermore, salinities measured here remain within historical ranges for the study system (Walker 1985) . Finally, although salinity can affect the growth and biology of seagrasses, both A. antarctica and H. uninervis are commonly found within more interior portions of Shark Bay where salinities regularly exceed 50 ppt (Walker 1985 , Burkholder et al. 2013a ).
The role of future climate events is also likely to play an increasingly important role in recovery trajectories of disturbed seagrass ecosystems as extreme El Niño and La Niña events become more frequent (Cai et al. 2014 (Cai et al. , 2015 . However, the likelihood of extreme warm events is not spatially homogenous: regions characterized by tropical boundary currents (such as Western Australia) are projected to warm 2 to 3 times faster than the oceanic average (Wu et al. 2012 , Vergés et al. 2014 . Furthermore, areas where dominant seagrasses are near their temperature thresholds, such as Shark Bay, which sits in a climate transition zone between temperate and tropical regimes, are more likely to be impacted by future acute and chronic warming (Unsworth et al. 2015) . Indeed, as gradual warming creates an increasingly hostile biophysical environment for temperate seagrasses at the warm end of their thermal tolerance, local extirpation of temperate species such as A. antarctica from Shark Bay may be ex pected over decadal to centurial scales (Hyndes et al. 2016) . Such subtropical regions may be particularly vulnerable to community shifts towards dominance by fast-growing tropical seagrasses because they host a mixed assemblage of temperate late successional and tropical early successional species. Understanding the resilience of late successional seagrasses to climate extremes via resistance, return time, and the mechanisms responsible for each will be critical to determining where and when these foundation species will persist.
Biological factors influencing recovery
Alteration of biological features such as top-down control can also be an important driver of return time following disturbance (Unsworth et al. 2015) . While historically underappreciated, top-down control by herbivores (and indirectly by their predators) can structure seagrass ecosystems through both facultative and destructive pathways (Nowicki et al. in press) . Top-down control by herbivores and their predators influences multiple facets of Shark Bay's seagrass community (Burkholder et al. 2013b) , and immigration by novel, tropical herbivores in the future may strengthen consumer control further (e.g. Hyndes et al. 2016) . Generally, the importance of topdown control may be high in recovering seagrass ecosystems as herbivores struggle to meet metabolic demands and newly disturbed seagrasses invest in regrowth and regeneration (e.g. Fraser et al. 2014) . Top-down control by herbivores is also predicted to become more important to warming subtropical seagrass ecosystems (like Shark Bay), as tropical herbivores such as parrotfish become more able to withstand local thermal regimes (Hyndes et al. 2016) . In Shark Bay, food preference experiments indicate that H. uninervis is grazed at higher rates and more often than either A. antarctica or Posidonia australis (both late successional seagrasses, Burkholder et al. 2012) , suggesting that increases in top-down control may favor a return of an A. antarctica-dominated state by inhibiting expansion of H. uninervis. However, the ultimate effect of such herbivory on seagrass return time will depend an interaction between biological features of herbivores (herbivore density, feeding preferences, and feeding tactics) and those of seagrass (nutrient content, grazing tolerance, grazing recovery speed). For example, while tropical early successional seagrasses are often more palatable to (and preferred by) herbivores than late-successional species (Preen 1995 , Armitage & Fourqurean 2006 , Burkholder et al. 2012 , Bourque & Fourqurean 2013 , the former can also recover quickly from grazing (e.g. Preen 1995) . This may shift community composition in favor of early successional seagrasses when they form mixed beds with late successional species, especially if herbivores employ indiscriminate destructive feeding strategies that destroy all seagrasses present, such as grazing fronts by sea urchins or excavation foraging by dugongs (e.g. Preen 1995 , Peterson et al. 2002 .
In addition to being altered by consumers, the return time of A. antarctica could be accelerated by H. uninervis. It is possible that expansion of H. uninervis may alter the biophysical environment or provide ecosystem functions that could facilitate the regrowth of A. antarctica, such as stabilization of sediment (Fonseca & Fisher 1986) or facilitation of attachment for the barbs of A. antarctica seedlings (Turner 1983) . However, the small size of H. uninervis shoots suggests the potential magnitude of such facilitation is likely to be minor.
Ecological implications of extended return time
Complete loss of foundation species has clear implications for ecosystem recovery and community functions. However, multi-species foundation species assemblages can generate more nuanced responses via disturbance-induced changes in assemblage composition. These shifts, which may be driven proximally by differences in return time or environmental tolerance and ultimately by life history traits and ecosystem features, can result in changes to ecosystem function even when seagrass cover per se has recovered. For Shark Bay, increases in H. uninervis and losses of A. antarctica have led to increased species diversity through increases in species evenness, even as richness has remained relatively constant. This expansion of H. uninervis, and increase in diversity, however, does not indicate a functional recovery for this system. A. antarctica exceeds the size, standing stock, and productivity of H. uninervis by 1 or more orders of magnitude (Walker 1985 . As such, H. uninervis is unlikely to be able to provide the same magnitude of ecosystem function as the much larger A. antarctica, such as the generation of large amounts of structurally complex habitat (Borowitzka et al. 2006) or primary production (Walker 1985) , provision of food through facilitation of epiphytes (Borowitzka et al. 2006) , sediment accumulation (Fonseca & Fisher 1986) , or carbon storage .
While some functional losses (such as loss of primary production) may be relatively straightforward to calculate, the ecological implications for consumers can be particularly complex and difficult to predict. For example, seagrass loss will almost certainly reduce food supplies for species that directly feed on seagrass or its epiphyte community, but may result in a temporary prey pulse for predators that consume animals that use seagrass as a refuge. Similarly, resource loss can result in either expansion or restriction of a species' trophic niche (Jones & Post 2016) , which may lead to trophic restructuring and changes in top-down control. In Shark Bay, expansions of H. uninervis and losses of A. antarctica and associated epiphytes are likely to lead to shifts in resource availability and utilization, which may result in lowered standing biomass of algae and tropical seagrasses, even if primary production is high. This may also have implications for residency, movement, or behavior of consumers as they deal with a changing seascape of food availability, refuge, and predation. While investigations into the effects of seagrass die-offs on specific seagrass-associated fauna are not uncommon, relatively little is known about whether or how such declines alter species interactions at the community level -an important gap given the magnitude of global seagrass loss and the importance of species interactions to structuring ecosystems.
The results presented in this study, together with the findings in other studies, i.e. rhizome elongation rates (Marbà & Duarte 1998) , loss of sediment stabilization potential, and thermal vulnerability (Walker & Cambridge 1995) of A. antartcica suggests that Shark Bay's mixed seagrass community is changing to reflect a shift to tropical sea grass, and that any return to a state dominated by A. antarctica is likely to be lengthy and tenuous. During this time, A. antarctica will be vulnerable to subsequent disturbance from future climate extremes, changes in biophysical features, and alteration of biological features such as top-down control. More generally, this work suggests that predicting the re covery trajectory of seagrass ecosystems based only on initial magnitude of decline may be difficult, especially in mixedspecies beds where life history strategies and mechanisms of recovery differ. Knowledge of the life history of the species of interest (particularly likely mechanisms of recovery) and repeated post-disturbance monitoring is necessary to assess whether such recovery mechanisms are successful in facilitating recovery in the short term. Integration of studies such as this into a general framework for resilience will be vital to predicting how vulnerable marine communities (and the functions they provide) will change in the context of climate change.
